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a b s t r a c t

Emerging contaminants, such as nanoplastics, are gaining a vast interest within the scientific community.
Most of the plastic debris found in the marine environment originates from land-based sources, and once
in the marine environment, plastic can be degraded into smaller fragments. Nanoplastics are considered
to fall within the definition of other nanoparticles (1e100 nm in size) and may be divided into primary or
secondary nanoplastics. Primary nanoplastics are those that enter the environment in their original small
size associated with specific applications and consumer products, whilst secondary nanoplastics are a
consequence of macro/microplastic degradation. The formation of nanoplastics changes the physical-
chemical characteristics of the particle, thus at a nanoscale, it is expected that the strength, conductiv-
ity, and reactivity of the nanoparticles will differ substantially from macro/micro-sized particles. To date,
the toxicity nanoplastics may pursue on marine biota is still scarce. Herein, a review of the available data
on the effects of different polymer types of nanoplastics specific to marine biota is accounted for.

© 2021 Elsevier Ltd. All rights reserved.
1. Introduction

An ongoing worldwide environmental concern is the plastic
debris pollution, whereby in 2018 the global plastic production
reached 359 million tons (PlasticsEurope, 2019). In Europe, plastics
production almost reached 62 million tons, whilst China alone
produced 30% of the world’s plastics (Plastics Europe, 2019). Plas-
tics are synthetic organic polymers with high durability, are light-
weight, and can easily be moulded into any shape or product
(Worm et al., 2017). Plastics chemical stability, persistence and
bioaccumulation has plastic pollution becoming increasingly
prominent (Shen et al., 2019; Hu et al., 2020). The wide use of
plastic, in a variety of applications, increases their release into the
marine environment, whereby most of the plastic debris found in
the marine environment originates from land-based sources
(Bouder and Friot, 2007; Jambeck et al., 2015). Plastics are quite
resistant to decomposition, therefore large plastic litter will
breakdown to meso-plastics (5e40 mm), microplastics
(1e5000 mm) (Thompson et al., 2004), and nanoplastics (NPs)
(1e100 nm) (Gigault et al., 2018) before decomposing completely.
NPs are considered to fall within the definition of other nano-
particles (1e100 nm in size) (Koelmans et al., 2015; Gigault et al.,
e by Maria Cristina Fossi.
2018) and may be divided into primary or secondary NPs. Pri-
mary NPs are those that enter the environment in their original
small size associated with specific applications and consumer
products (e.g., cosmetics, clothing fibres, drug delivery, ink for 3D
printers) (Bergami et al., 2016; Canesi et al., 2015; Bessa et al., 2018;
Tamminga et al., 2018; Wang et al., 2018), whilst secondary NPs are
a consequence of macro/microplastics degradation (Andrady, 2011;
Cole et al., 2011). However, Koelmans et al. (2015) establish that the
time required to reach nano-sized particles depends on the size of
the initial plastic.

NPs formation leads to alterations in the physical-chemical
characteristics of the particle, surface area and size, wherein, at a
nanoscale, the strength, conductivity and reactivity will differ
substantially from macro/micro-sized particles (Klaine et al., 2012;
Mattsson et al., 2015, 2018). As the size of the plastic particle de-
creases, biological reactivity, on the other hand, increases, thus
being crucial to comprehend the burden of nanoplastic availability
and its biological impact on marine biota (Mattsson et al., 2018;
Ferreira et al., 2019). The fate, mobility and resilience of NPs are
highly dependent on their stability and feasibility in forming ag-
gregates. The NP aggregation mechanism is critical as aggregates
sediment or immobilize, whereas dispersed NPs are able to diffuse,
be more mobile, more bioavailable and potentially more harmful
(Ramirez et al., 2019). Natural organic matter (NOM), inorganic
colloids, weathering, UV-radiation and biodegradation are all fac-
tors that affect the composition, stability, formation of NPs aggre-
gates, and the particles nano-specific properties (Andrady, 2011;
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Oriekhova and Stoll, 2018; Shen et al., 2019). Weathering, for
instance, increases crystallinity of plastic debris, acquiring carbonyl
functionalities inclusive of negative surface charges as a result of
oxidation (Fotopoulou and Karapanagioti, 2012; Rouillon et al.,
2016). Likewise, NOM and inorganic colloids lead to aggregation
of NPs (Oriekhova and Stoll, 2018), consequently becoming less
bioavailable and less prone to enter biological membranes. Adsor-
bed NOM convey a negative charge and alters the surface charac-
teristics of NPs by raising their absolute surface potential (Zhang
et al., 2008), nonetheless, high NOM concentrations can reverse
the surface charge of NPs, facilitating the stabilization of NPs
(Ramirez et al., 2019). Therefore, the charge neutralization of the
isoelectric point is a prerequisite for the creation of large aggregates
composed of NPs, thus a crucial mechanism for managing envi-
ronmental nanoplastics identification, as well as incrementing the
importance of NPs surface charge neutralization (Oriekhova and
Stoll, 2018).

Herein, another issue to be addressed are plastic polymers with
adsorbed toxic compounds such as polycyclic aromatic hydrocar-
bons (PAHs), persistent organic pollutants (POPs), polychlorinated
biphenyls (PCBs) and other chemical constituents (i.e., metals) (Rios
et al., 2007; Teuten et al., 2009; Lee et al., 2014; Rochman et al.,
2016; Davranche et al., 2019). NPs high surface area favours this
sorption, by binding chemicals hydrophobically (Liu et al., 2016),
which in turn also increases the potential toxicity of the nano-
particle towards marine biota, as a consequence of the possible
release of these sorbates and constituent chemicals. This in-
crements the importance of establishing the mode of action of NPs
with sorption of pollutants present in the marine environment,
how they behave as vectors, as well as the toxicity theymay pursue
on marine biota.

Plastic particle toxicity to marine organisms depends on particle
size, concentration and exposure period, where the toxicity of NPs
is also affected by pollutants, food availability, species and their
developmental stage (K€ogel et al., 2020). Decreased growth rate,
energy andmovement, stress, inflammation andmalformations are
associated to nanoplastic toxicity towards marine biota (K€ogel
et al., 2020). The smaller the particle size, the more prone marine
organisms are to toxicity by these NPs as the surface area increases,
and so does the possibility of passing through biological mem-
branes. On the grounds of their nano-size, NPs have increased
ability to pass through cellular boundaries and accumulate within
organisms, easily entering the food web and possibly escalate tro-
phic levels all theway to human beings (Mattsson et al., 2015, 2018;
Worm et al., 2017; Peng et al., 2020). The knowledge of NPs effects
regarding marine biota is still scarce. This review’s purpose is to
gather all information on nanoplastics toxicity available on marine
biota to date.

2. Effects of nanoplastics in marine biota

According to the Plastics Europe Fact sheet (2019), the leading
plastic polymers are low-density and high-density polyethylene
(LDPE & HDPE) and polypropylene (PP), followed by polyvinyl
chloride (PVC), polyurethane (PUR), polyethylene terephthalate
(PET), and polystyrene (PS). These plastic polymers are employed in
many industries, such as electronics, personal health care, food
packaging, housing insulation, as well as in medical equipment and
devices (PlasticsEurope, 2019).

Though nanoplastics have not yet been quantified in the marine
environment, Halle et al. (2017) obtained a nanoplastic portion
from the North Atlantic subtropical gyre, wherein PVC, PET, PS and
polyethylene (PE) were the plastic polymers present at a nanoscale.
Although the quantification of NPs in the marine environment has
yet to be explored, Halle et al. (2017) provided evidence for the
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existence of plastic debris in the nano-fraction in the marine
environment. Nevertheless, NPs effect on marine organisms at
environmentally relevant concentrations are unknown due to the
lack of quantification of NPs in the marine environment. Moreover,
accurately measuring the concentration of NPs is a major challenge
as several analytical methods are required, for various types of NPs
polymers as well as for various complex matrices (soil, sediments,
turbid waters and tissues) (Halle et al., 2017).

With regards to the evaluation of nanoplastic toxicity in marine
biota, a summary of the data available in the literature for the
species evaluated to date can be found in Fig. 1. Fig. 1 shows that the
crustacean A. fransiscana and the mollusc Mytilus galloprovincialis
are the species most evaluated in scientific literature on NPs
exposure. With relation to the groups of marine biotas presented in
Fig. 1, a wide array of species from primary producers to primary/
secondary consumers have been studied, providing an insight into
effects of NPs at various levels of the marine ecosystem, wherein,
crustaceans andmolluscs, again, are highly used in ecotoxicological
assessments of NPs. Fig. 2 shows that PS NPs and poly(methyl
methacrylate) (PMMA) were the only NPs frequently used to
evaluate the effects in biota with either an amide-group or a
carboxyl-group attached, focusing on how negatively charged and
positively charged particles toxicity differ but PS-NH2 was the type
of PS NPs predominately used in comparison with other chemical
groups attached to PS or to types of nanoplastic polymers. More-
over, on Fig. 3 the percentage of the different nanoparticle size for
each polymer type is presented. As can be seen in Fig. 3 there are
different size range percentage used for each NP polymer thatmade
comparison of the effects difficult. Furthermore, in this review, the
effects of nanoplastics on marine biota are characterized below,
initiating with bacteria and ascending through the trophic levels. A
summary of the effects of nanoplastics evaluated inmarine biota, to
date, are in Tables 1- 4.

2.1. Bacteria

Bacteria are an important component of marine ecosystems, and
microbial community alterations due to the presence of environ-
mental contaminants, such as nanoplastics, may have significant
effects on biogeochemical cycling as well as other critical
ecosystem services (Rotini et al., 2017). Bacteria exposed to several
polymers of PS-NPs of different sizes and exposure times are
summarised in Tables 1e3. Recently, Okshevsky et al. (2020)
observed that marine bacteria formation of biofilm on PS NPs is
impacted by both concentrations and surface functionalization of
PS NPs, suggesting that species interaction along with surface
properties and concentrations of plastic NPs are determining fac-
tors on how NPs impact marine bacteria biofilm formation. For
instance, PS-NH2 at the highest concentration (200 ppm; 20 nm; 5
days), lead to an increase in aggregation in all species studied,
whilst generating a decrease on both growth rate and optical
density (OD600) (Okshevsky et al., 2020). PS-NH2 also prompted a
decrease in biofilm formation of all bacteria species with the
exception of Oceanobacter kriegii (Okshevsky et al., 2020). On the
other hand, negatively charged NPs (PSeCOOH; 200 ppm; 20 nm; 5
days) promoted biofilm formation of some bacteria species (Mar-
inobacter adherens, Marinobacter algicola, Cobetia marina and
O. kriegii), whilst causing a decrease in others (Phaeobacter inhibins)
(Okshevsky et al., 2020). PS-COOH additionally, increased growth
rate, OD600 and aggregation of C. marina, as well as aggregation of
Pseudoalteromonas carrageenovora, and a decrease in growth rate
and OD600 of O. kriegii (Okshevsky et al., 2020). Undoubtably, sur-
face properties of NPs have contrasting effects on a battery of
bacteria, being imperative to understand the kinetics of toxicity of
differently charged nanoplastics. In the marine bacterium



Fig. 1. Type of species evaluated for NPs exposure vs number of scientific publications.

Fig. 2. Type of NP polymers used in ecotoxicological assessments vs number of species
whereby the effects of NPs polymers have been assessed.
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Halomonas alkaliphile, a bacterium which thrives in high salt con-
centrations, exposed to cationic amino PS nanoparticles (PSeNH2;
50 nm) and to PS nano beads (PS-beads; 55 nm) for 2 h at different
concentrations (20, 80, 160 and 320 mg/mL) affected cell growth,
Fig. 3. Percentage of nanoparticle size (nm) for each type of polymer used. PS e polystyrene
PMMA e poly(methyl methacrylate).
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and influenced the chemical composition and ammonia conversion
efficiencies at 80 mg/L (Sun et al., 2018). Furthermore, PS-NH2
induce higher oxidative stress towards bacteria when compared to
PS-beads, as these positively charged NPs adhere to the cell surface
by the action of electrostatic activity, promoting higher toxicity by
these NPs (Sun et al., 2018). Overall, in bacterial communities, NPs
with an amide-group have more toxic effects when compared to
NPs with carboxyl-group. Thereafter, the NPs toxicity is dependent
on functionalized NPs surface charge and size.
2.2. Algae

Algae, as primary producers, are key organisms in sustaining a
healthy aquatic environment, as they are the base of food webs,
source of oxygen production as well as other nutrients (Mao et al.,
2020). The use of algal assays for ecotoxicological assessment of
emerging contaminants is mainly linked to their high-sensitivity
response, enabling the detection of toxic effects at lower concen-
trations that are not detectable by other marine organisms (Palumo
and Mingazzini, 2011). The ecotoxicological assessment of NPs on
marine algae have been investigated in some species (Sjollema
et al., 2016; Bergami et al., 2017; Venâncio et al., 2019; Gonz�alez-
; PS-COOH e anionic carboxylated polystyrene; PS-NH2 e cationic amino polystyrene;
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Fern�andez et al., 2020; Gomes et al., 2020) (see Tables 1e4). An
inhibitory effect on growth and development of the microalgae
Dunaliella tertiolecta exposed to PS beads (50 nm) at 250 mg/mL for
72 h (Sjollema et al., 2016) and exposed to PS-NH2 (50 nm) and PS-
COOH (40 nm) for the same time (Bergami et al., 2017) was
observed, wherein PS-COOH showed no effects, though PS-COOH
were adsorbed on microalgae (Bergami et al., 2017). PS-NH2, on
the other hand, inhibited cell growth (Bergami et al., 2017), and PS
beads lead to a reduction of 45% on cell density and cellular
growth was affected by 57% after exposure (Sjollema et al., 2016).
There is a higher affinity of positively charged NPs (PSeNH2) in
comparison to negatively charged NPs (PSeCOOH). This may be
due to the electrostatic interactions between the positively
charged particles and cellulose, the major component of cell walls
in algae, as shown by Bhattacharya et al. (2010) in the freshwater
single-celled algae Chlorella and multi-celled algae Scenedesmus
(PSeCOOH and PS-NH2; 20 nm; 0.08e0.8 mg/mL; 2 h).

A battery of microalgae, Tetraselmis chuii, Nannochloropsis
gaditana, Isochrysis galbana, and the marine diatom Thalassiosira
weissflogii, after 96 h of exposure to PMMA (40 nm; 0e304.1 mg/L
for microalgae and 0e293.0 mg/L for marine diatom) had signif-
icant impacts on growth rates of all microalgae (Venâncio et al.,
2019). T. chuii presented the highest median effective concentra-
tion (EC50 ¼ 132.5 mg/L), whereby T. weissflogii showed to be the
most sensitive microalgae (EC50 ¼ 83.4 mg/L) (Venâncio et al.,
2019). In the marine diatom Chaetoceros neogracile, after 96 h of
exposure to PS-NH2 (50 nm; 0.05 mg/mL and 5 mg/mL), pigment
and lipid compositions of diatoms were affected (Gonz�alez-
Fern�andez et al., 2020). Re-adjustment of lipid classes and fatty
acids were noteworthy at both growth phases, whereby thylakoid
membrane structure and cellular energy reserves of diatoms were
observed after PS-NH2 exposure. Highest concentrations of PS-
NH2 lead to impairment of long-chain fatty acids, particularly at
exponential cultures (Gonz�alez-Fern�andez et al., 2020). In the red
microalgae, Rhodomonas baltica, exposed to PMMA and PMMA-
COOH (50 nm; 0.5e100 mg/mL; 72 h), both NPs were found to
be toxic, wherein the interaction of NPs with microalgae were
particle behaviour dependent (Gomes et al., 2020). A greater effect
on cellular and physiological parameters was caused by PMMA
exposure, meanwhile PMMA-COOH inhibition of microalgae
growth was associated with cell cycle and cell viability (Gomes
et al., 2020). A decrease in photosynthetic performance was also
an outcome of both NPs, incrementing importance into compre-
hending the toxicity of NPs in algae, as its effects on photosystems
of primary consumers consequently affects the entire ecosystem.

Contemplating herein information, the nanotoxicity of these
particles leads to impacts on the cell wall and pigmentation of
algae, possibly leading to inactivation of the photosystems, and
therefore hindering photosynthesis. Nonetheless, the available
data shows that PS-NH2 have more pronounced effects than PS-
COOH. Moreover, nanoplastics uptake by algae is dependent of
particle charge and surface functionalization, still NPs appear to
cause physiological distress once within the algal metabolism.

2.3. Rotifers

Rotifers are primary and secondary consumers of high impor-
tance and relevance as zooplankton members in several aquatic
trophic webs (Wallace et al., 2006), playing an important role in
marine ecosystems, as they transfer energy from the bottom of the
food chain to species higher up (Jeong and Choi, 2019). The small
size and sensitivity, as well as ease of culture and exponential
growth, are favourable characteristics of rotifers as test models in
ecotoxicological studies (Dahms et al., 2011). Data on the effects of
NPs on rotifers are scarce (see Tables 1e4). The rotifer Brachionus



Table 2
Effects of anionic carboxylated polystyrene NPs (PSeCOOH; �100 nm) on marine biota according to size, concentration and exposure period.

Phylum Test species Particle
type

Particle
size
(nm)

Concentration
(mg/mL)

Exposure
time (h)

Effects Reference

Bacteria Marinobacter
adhearens

PS-
COOH

20 0e200 5a <20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / no impact on living/dead ratio; [ biofilm formation
Okshevsky
et al. (2020)

Oceanobacter kriegii <20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / no impact on living/dead ratio; [ biofilm formation; Y
growth rate; Y OD600

Cobetia marina <20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / no impact on living/dead ratio; [ biofilm formation; [
growth rate; [ OD600; [ aggregation

Marinobacter algicola <20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / no impact on living/dead ratio; [ biofilm formation
Pseudoalteromonas
carrageenovora

<20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / no impact on living/dead ratio; [ aggregation
Phaeobacter inhibins <20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / no impact on living/dead ratio; Y biofilm formation
Marinobacter
hydrocarbonoclasticus

<20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / no impact on living/dead ratio
Algae Dunaliella tertiolecta 50 250 72 no effects Bergami et al.

(2017a)
Rotifers Brachionus plicatilis 40 0.5e50 24 and 48 no effects on mortality; [ gut retention of PS-COOH Manfra et al.

(2017)
Echinoderms Paracentrotus lividus 2.5e50 6, 24, 48

hpf
Accumulated in embryos; no malformations Della Torre

et al. (2014)
Sterechinus
neumayeri

1 and 5 6 and 24 in vitro assay; [ antioxidant response; [ apoptosis; [ phagocytic
capacity; ⌧ modulation of genes related to external challenges; [
inflammatory response

Bergami et al.
(2019)

Crustacea Artemia franciscana 0.5e10 24 and 48 no effects Bergami et al.
(2017b)

- upto instar III
nauplius

5e100 72 and
14a

Accumulated and retained in gut lumen Bergami et al.
(2016)

Euphausia superba 60 2.5 48 No mortality; active swimming; waterbourne ingestion and egestion Bergami et al.
(2020)

Molluscs Crassostrea gigas
(gametes)

100 0.1e100 1 to 5 [ cell size; [ spermatozoa complexity; Y nº spermatozoa; [ ROS (dose-
response)

Gonz�alez-
Fern�andez
et al. (2018)

Abbreviations stand for: [ - increased; Y - decreased; ⊥ - inhibited; ⌧ - affected; u - induced; ROS - Reactive oxygen species; LC/ECx e Lethal or sublethal concentration
causing x% of effect; OD600 e optical density at 600 nm.

a Days **mins.
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plicatilis exposed to PS-COOH and PS-NH2 (40 and 50 nm, respec-
tively) at concentrations between 0.5 and 50 mg/L for 24e48 h, PS-
COOH had no acute toxicity, whilst PS-NH2 nanoplastics, on the
other hand, showed high mortality (Manfra et al., 2017). Also, in
B. plicatilis, after exposure to PMMA (40 nm; 96 h; 4.7e75.0 mg/L),
at 48 h into the exposure, survival rate was highly affected in both L
type and S type rotifers (LC50 ¼ 13.3 mg/L and LC50 ¼ 37.6 mg/L,
respectively) (Venâncio et al., 2019). In Brachionus koreanus
exposed to two different sizes of PS microplastics (500 and
6000 nm, 10 mg/mL) and a PS nanoplastics (50 nm) for 24 h at a
concentration of 10 mg/mL, the accumulation of NPs was higher
than microplastics and associated with oxidative stress-induced
damage to lipid membranes (Jeong and Choi, 2019). Rotifers sur-
vival is highly affected after exposure to NPs, wherein, NPs toxicity
is dependent on both polymer type and size. Herein, though further
studies are necessary, in particular those related to the effect of
different NPs sizes, positively charged NPs present a more toxic
effect on rotifers than negatively charged NPs as seen in algae and
bacteria.
2.4. Echinoderms

Considering echinoderms, sea urchins are highly considered as
excellent tools to assess the toxicity of many chemical compounds
and environmental stressors, especially during embryonic life
stages, as sea urchins have high sensitivity to low concentrations of
contaminants (Sugni et al., 2007). The effects of exposure to rotifers
5

are presented in Tables 1e4 Paracentrotus lividus embryos and
larvae exposed to PS-COOH (40 nm; 50 mg/mL) and PS-NH2 (50 nm;
10 mg/mL) for 6, 24 and 48 h lead to accumulation of both NPs,
whereby PS-NH2 induced higher toxicity that was unseen by PS-
COOH (Della Torre et al., 2014). The half-maximum effective con-
centration (EC50) of PS-NH2 at 24 hpf and 48 hpf were 3.82 mg/mL
and 2.61 mg/mL, respectively, wherein malformations of skeletal
rods and arms, as well as undeveloped embryos, were some of the
effects encountered after exposure to PS-NH2 (Della Torre et al.,
2014). Pinsino et al. (2017) also showed that P. lividus exposed to
3 and 4 mg/mL of PS-NH2 (50 nm) for the same time, induced
malformations of skeletal rods and arms at 4 mg/mL. Therefore, the
impact of skeletal rods and arms can be a specific effect of NPs, but
more data is necessary to confirm this. Moreover, in an in vitro assay
of PS-COOH and PS-NH2 exposure to the sea urchin Sterechinus
neumayeri (40 and 50 nm, respectively; 6 and 24 h; 1 and 5 mg/mL)
both NPs affected cellular phagocytosis, engendered inflammatory
responses towards oxidative stress and provoked apoptosis at a
molecular level (Bergami et al., 2019). Once more, Bergami et al.
(2019) findings establish that different surface charged NPs is
challenging for S. neumayeri immune cells. Comparatively, PS-NH2
possess a more toxic effect towards echinoderms than PS-COOH, as
seen in bacteria, algae and rotifers. Predominately associated with
the lack of toxicity of PS-COOH is the electrostatic cell membrane
repulsion (Bhattacharya et al., 2010), as well as the consequent loss
of nanoscale properties and reactivity due to NP agglomeration in
SW (Bergami et al., 2017). The toxicity of NPs towards echinoderms



Table 3
Effects of cationic amino polystyrene NPs (PSeNH2; �100 nm) on marine biota according to size, concentration and exposure period.

Phylum Test species Particle
type

Particle
size
(nm)

Concentration
(mg/mL)

Exposure
time (h)

Effects Reference

Bacteria Marinobacter
adhearens

PS-NH2 20 0e200 5a <20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / [ aggregation; Y growth rate; Y OD600

Okshevsky
et al. (2020)

Oceanobacter kriegii <20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / [ biofilm formation; [ aggregation; Y growth rate; Y
OD600

Cobetia marina <20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / Y biofilm formation; [ aggregation; Y growth rate; Y
OD600

Marinobacter algicola <20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / Y biofilm formation; [ aggregation; Y growth rate; Y
OD600

Pseudoalteromonas
carrageenovora

<20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / Y biofilm formation; [ aggregation; Y growth rate; Y
OD600

Phaeobacter inhibins <20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / Y biofilm formation; [ aggregation; Y growth rate; Y
OD600

Marinobacter
hydrocarbonoclasticus

<20 mg/mL / no impact on biofilm formation, growth rate, OD600

200 mg/mL / Y biofilm formation; [ aggregation; Y growth rate; Y
OD600

Halomonas
alkaliphilia

50 20e320 2 ⊥ growth rate; Y chlorophyll content; [ oxidative damage Sun et al.
(2018)

Algae Dunaliella tertiolecta 40 250 72 ⊥ growth rate (EC50 ¼ 12.97 ± 0.57 mg/mL) Bergami et al.
(2017a)

Chaetoceros
neogracile

50 0.05 and 5 96 Y cellular energy reserves; Y pigment composition; re-adjustment of
galactolipids & triacylglycerol; ⌧ thylakoid membrane structures

Gonz�alez-
Fern�andez
et al. (2020)

Rotifers Brachionus plicatilis 0.5e50 24 and 48 [ mortality; NSW / EC50 ¼ 6.62 ± 0.87 mg/mL; RSW /

EC50 ¼ 2.75 ± 0.67 mg/mL
Manfra et al.
(2017)

Echinoderms Paracentrotus lividus 1e50 6, 24, 48
hpf

u malformations in larvae; 24 hpf / EC50 ¼ 3.82 mg/mL; 48 hpf /
EC50 ¼ 2.61 mg/mL

Della Torre
et al. (2014)

3 and 4 24 and 48 ⊥ skeletal elongation (3 mg/mL);umalformations of skeletal rods and
arms

Pinsino et al.
(2017)

Sterechinus
neumayeri

1 and 5 6 and 24 in vitro assay; Y phagocytic capacity; Y gene modulation; [ cellular
debris at 5 mg/mL (24 h); [ inflammatory response; [ apoptosis

Bergami et al.
(2019)

Crustacea Artemia franciscana 0.5e10 24 and 48 [ expression of clap and cstb; [ nº of molts (48 h) Bergami et al.
(2017b)

- upto instar III
nauplius

5e100 72 and
14a

Accumulated and retained in gut lumen; most toxic Bergami et al.
(2016)

Euphausia superba 2.5 48 nomortality; [ exuviae production (12.6 ± 1.31); Y swimming activity Bergami et al.
(2020)

Molluscs Crassostrea gigas
(gametes)

100 0.1e100 1 to 5 [ cell size; [ spermatozoa complexity; Y nº spermatozoa Gonz�alez-
Fern�andez
et al. (2018)

Mytilus
galloprovincialis

50 0.0001e20 48 [malformations D-larvae; [ delay in development (2.5e10 mg/mL); Y
20e30% shell length (48 h); EC50 ¼ 0.142 mg/mL

Balbi et al.
(2017)

- haemocytes 1e50 30b Y lysosomal membrane stability; [ ROS; u cellular damage Canesi et al.,
2016

Abbreviations stand for: [ - increased; Y - decreased; ⊥ - inhibited; ⌧ - affected; u - induced; ROS - Reactive oxygen species; LC/ECx e Lethal or sublethal concentration
causing x% of effect; OD600 e optical density at 600 nm.

a Days.
b mins.
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are therefore particle size and type dependent.

2.5. Crustacea

Benthic and planktonic marine crustaceans are useful in eco-
toxicological assays, as small crustaceans are a crucial link within
the food web, as they play an important role as primary and
sometimes also as secondary consumers (Luigi et al., 2012). They
connect the energetic fluxes between primary producers (e.g.,
algae) and consumers found at higher levels (e.g., fish) and there-
fore are placed at a key level within the foodweb (Luigi et al., 2012).
Thus, the effects of NPs present in Tables 1e4 are important to
assess possible trophic transfer. In the brine shrimp Artemia fran-
ciscana exposed to PS-COOH (40 nm) and PS-NH2 (50 nm) particles
6

(0.5e10 mg/mL; 24e48 h), exposure to PS-NH2 (1 mg/mL) lead to an
increase in the expression of cathepsin L-associated protein (clap)
and cathepsin B (cstb), two genes connected to growth. This
increased after 48 h andwas related to an increase in the number of
molts (Bergami et al., 2017). Organisms, on the other hand, exposed
to PS-COOH had no effects, however, did accumulate NPs (Bergami
et al., 2017). In A. franciscana (up to instar III nauplis) exposed to the
same NPs (5e100 mg/mL) a growth inhibition test (72 h) and a long-
term sublethal test (14 d), showed NPs were accumulated and
retained inside the gut lumen (Bergami et al., 2017). PS-NH2 par-
ticles were more toxic than PS-COOH (Bergami et al., 2016). PS
nanoparticles (100 nm; 0.001e10 mg/mL) exposed to the first instar
larvae of A. franciscana and II stage of nauplii of the acorn barnacle
Amphibalanus amphitrite, ingested and accumulated NPs in the gut



Table 4
The effects of poly(methyl methacrylate) NPs (PMMA; �100 nm) on marine biota according to size, concentration and exposure period.

Phylum Test species Particle
type

Particle
size
(nm)

Concentration
(mg/mL)

Exposure
time (h)

Effects Reference

Algae Tetraselmis chuii PMMA 40 0e304.1 96 Y growth rates (>150 mg/mL); EC50 ¼ 132.5 mg/mL; EC20 ¼ 117.4 mg/mL Venâncio
et al.
(2019)

Nannochloropsis
gaditana

Y growth rates (>150 mg/mL)

Isochrysis
galbana

Y growth rates (�213.6 mg/mL)

Thalassiosira
weissflogii

0e293.0 ⊥ growth rates (�18.8 mg/mL); EC50 ¼ 83.4 mg/mL; EC20 ¼ 48.9 mg/mL

Rhodomonas
baltica

PMMA 50 0.5e100 72 Y cell viability, [ cell size & complexity; [ ROS; [ LPO; Y DNA content; Y
photosynthetic capacity; hyperpolarization of mitocondrial membrane;
membrane integrity loss; overproduction of pigments

Gomes
et al.
(2020)

PMMA-
COOH

Y growth; ⊥ cell cycle; Y cell viability; Y metabolic activity; Y photosynthetic
capacity

Rotifers Brachionus
plicatilis

PMMA 40 4.7e75.0 96 ⌧ survival (48 h; L-type > S-type); L-type / EC50 ¼ 13.3 mg/mL; S-type /

EC50 ¼ 37.6 mg/mL
Venâncio
et al.
(2019)

Crustacea Amphibalanus
amphitrite

45 25 24 [ bioaccumulation Bergami
et al.
(2017b)

Fish Spaurus aurata 0e10 24 and 96 [ antioxidant defences; u alterations in lipid metabolism pathways; [
genotoxicity in blood cells; [ cholesterol and triglycerides in plasma; [
Erythrocytic nuclear abnormalities

Brandts
et al.
(2021)

Dicentrarchus
labrax

0e20 96 [ abundance of mRNA transcript; ⊥ fish immune system Brandts
et al.
(2018)

100 0.001e10 24 ⊥ immune system; [ abundance of mRNA transcript; ⌧ molecular signalling &
pathways

Almeida
et al.,
2019

Abbreviations stand for: [ - increased; Y - decreased; ⊥ - inhibited; ⌧ - affected; u - induced; ROS - Reactive oxygen species; LC/ECx e Lethal or sublethal concentration
causing x% of effect; OD600 e optical density at 600 nm.
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after 24 and 48 h of exposure. PS particles affected organisms
swimming speed, wherein A. amphitrite exposed to higher con-
centrations showed mobility inhibition after 48 h. On the other
hand, A. franciscana swimming speed was inhibited at 24 h, and
increased inhibition at higher concentrations (Gambardella et al.,
2017). The acorn barnacle A. amphitrite after a chronic exposure
test to PMMA (45 nm; 5e25 ppm; 24 h), bioaccumulation of NPs
occurred in barnacles and persist in the body throughout the stages
of growth and development (nauplius to juvenile barnacle) posing
a potential long-term effect of NPs on invertebrate communities
(Bhargava et al., 2018). The effects of PS (50 nm) in a marine
copepod, Tigriopus japonicus exposed to NPs caused a significant
decrease in fecundity, malformations of embryo development, and
high mortality of larvae, wherein highest concentrations of PS
nanoplastics lead to parent’s death (Lee et al., 2013). More recently,
the effects of NPs on Antarctic krill juveniles, Euphausia superba,
was assessed (Bergami et al., 2020). Exposure to PS-COOH (48 h;
2.5 mg/L; 62 nm) had no adverse effects, in contrast PS-NH2 (48 h;
2.5 mg/L; 50 nm) reduced swimming activity of krill and increased
moulting (Bergami et al., 2020). Antarctic krill is a keystone species
and plays a central role in the Antarctic food chains and carbon
cycle, increasingly impacting the future effect of NPs on Antarctic
pelagic ecosystems and biogeochemical cycle (Bergami et al., 2020).

In summary, crustaceans ingest and accumulate NPs, where at
high concentrations mobility is affected as is growth and devel-
opment, in all NPs assessed. A clear distinction between PS-COOH
and PS-NH2 toxicity is also noticeable, wherein PS-NH2 has more
severe effects on crustaceans, as shown in bacteria, algae, rotifers
and echinoderms. Further investigation is necessary to understand
the effects other types of NPs pursue on crustaceans such as co-
pepods, brine shrimps, barnacles, and amphipods. Furthermore,
within crustaceans, copepods are extremely valuable in
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ecotoxicological evaluations, whereby the use of a combination of
whole-animal bioassays and gene expression studies indicate that
copepods, such as Tigriopus spp., may serve as excellent tools to
evaluate the impacts of marine pollution throughout coastal re-
gions (Raisuddin et al., 2007).

2.6. Molluscs: Bivalvia

Bivalves, as sessile filter-feeding organisms have the ability to
accumulate many NPs present in the surrounding environment,
empowering measurements of stressors levels in their tissues.
Their wide geographical distribution and presence at different
latitudes are some of the characteristics that make bivalves excel-
lent sentinel organisms for ecotoxicological evaluations. However,
the effects of NPs exposure to bivalves is still scarce (see Table 1e4).
In the blue mussel Mytilus edulis, PS nanoparticles (30 nm;
100e300 mg/mL) induced production of pseudofaeces, increasing
with the increase in NPs concentration, wherein results suggested
that PS particles were recognized as non or low nutritional food
(Wegner et al., 2012). In the Mediterranean mussel, Mytilus gallo-
provincialis, haemocytes exposed to PS-NH2 (50 nm; 1e50 mg/L),
after 30 min, PS-NH2 cause a decrease in lysosomal membrane
stability and an increment in oxyradical generation, leading to
rapid cellular harm such as membrane blebbing and misfortune of
filopodia (Canesi et al., 2015). Additionally, the generation of the
protein corona in haemolymph serum was observed with the ex-
istence of PS-NH2 (Canesi et al., 2015). In early embryo develop-
ment of the mussel M. galloprovincialis, after exposure to PS-NH2
(50 nm; 0.001e20 mg/L), malformations of D-veligers were
observed at concentrations more than or equal to 2.5 mg/L (Balbi
et al., 2017). A dose-dependent delay concerning the develop-
ment of larvae was also observed, with an increase in embryos
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encountered at the pre-veliger stage, and a stable proportion found
still at the trochophore stage (EC50 ¼ 0.142 mg/L). The highest
concentration (20mg/L) of PS-NH2 lead to complete inhibition of D-
shaped veliger, whereby 90% of larvae remained at trochophore
stage (Balbi et al., 2017). In gametes of the oyster Crassostrea gigas,
exposed to PS-COOH and PS-NH2 (100 nm; 0.1e100 mg/L) NPs
caused an increase in relative cell size as well as the complexity of
spermatozoa (Gonz�alez-Fern�andez et al., 2018). Moreover, a dose-
response increase in reactive oxygen species production was
observed in organisms exposed to PS-COOH, but not to PS-NH2.
Oocytes were found to be less related to different cell membranes
(Gonz�alez-Fern�andez et al., 2018). In gametes and embryo-larval
development of C. gigas exposed to PS beads, PS-COOH and PS-
NH2 (50 nm; 0.1e25 mg/mL), all NPs significantly impaired the
fertilization yield in a dose-response manner at concentrations
between 1 and 25 mg/mL, wherein PS-NH2 exhibited the strongest
toxicity, inducing a significant reduction in fertilization yield
associated at an EC50 of 4.9 ± 0.9 mg/mL (Tallec et al., 2018). D-larval
yield also decreased significantly after exposure to all NPs at 10 and
25 mg/mL, wherein the highest toxicity observed was also by PS-
NH2, presenting a decrease of 6.4% in D-larval yield at the lowest
concentration (0.1 mg/mL). Embryo-larval development success was
completely inhibited (100% reduction) at an EC50 of 0.15 ± 0.4 mg/
mL (Tallec et al., 2018). Tallec et al. (2018) highlight that NPs ex-
posures may have detrimental effects on planktonic stages of bi-
valves, seemingly interacting with biological membranes, leading
to cytotoxicity and genotoxicity, potentially impairing reproductive
success. Undoubtedly, NPs toxicity in bivalves is extremely con-
cerning, as data have shown that NPs are recognized as low
nutritional food and are uptaken by these filter-feeders. In addition,
after exposure to NPs, the integrity of their immune response is
compromised by decreasing the stability of the lysosomal mem-
brane and in addition, bivalve gametes are also vulnerable to NP
toxicity, as is embryo-larval development, thereby jeopardizing
future populations and disrupting the surrounding environment.
Therefore, it is important to access if other types of NPs induce the
same type of effects.

2.7. Fish

Very few studies on the effects of NPs on marine fish have been
encountered (see Tables 1 and 4). Most of the data available are
focused on the effects in freshwater fish (Mattsson et al., 2015,
2017; Chen et al., 2017; Skjolding et al., 2017; Chae and An, 2017;
Pitt et al., 2018; Lee et al., 2019). Recently, marine continuous fish
cell lines have been developed to aid in the study of molecular and
physiological responses to stressors (Langner et al., 2011; Villalba
et al., 2017). Fish cell lines have become a crucial tool into under-
standing the effects of emerging contaminants (e.g., NPs) at a
molecular level (Morcillo et al., 2017; Pannetier et al., 2018) as well
as avoid the use of animals in experiments as recommended by the
European Union (Directive 2010/63 EU).

In two fish cell lines of the seabream Sparus aurata and the
seabass Dicentrarchus labrax, SAF e 1 and DLB e 1, respectively
exposed to PS NPs (100 nm; 0.001e10 mg/L) for 24 h, in SAF e 1,
though not significant, there was a slight decrease (25%), in cell
viability at lowest concentrations (Table 1). However, at higher
concentrations, mild effects were present on this cell line (Almeida
et al., 2019). In DLB e 1, a decrease in cell viability was observed,
whereby at 0.001mg/L cell viability was 66%, showing oscillation at
higher concentrations within minimum viability of 64% at 1 mg/L
(Almeida et al., 2019).

More recently, a short-term exposure of PMMA to the seabream
S. aurata (45 nm; 0e10 mg/mL; 24 and 96 h) resulted in upregula-
tion of themRNA levels of essential lipid metabolism-related genes,
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showing a global increase in plasma cholesterol and triglycerides
(Brandts et al., 2021). Antioxidant enzymatic response increased
throughout the exposure period, exceptionally with a decrease in
total antioxidant capacity after 96 h. PMMA nanoparticles activated
antioxidant defences, induced alterations in lipid metabolism
pathways and genotoxicity in S. aurata blood cells (Brandts et al.,
2021). Similarly, in the seabass D. labrax after exposure to the
same NP and size (PMMA; 45 nm; 0e20 mg/L; 96 h) also led to an
increase in abundance of mRNA transcript as well as the impair-
ment of the fish’s immune system (Brandts et al., 2018). In D. labrax,
NPs changemolecular signalling pathways and potentially interfere
with lipid metabolism as seen in S. aurata (Brandts et al., 2018,
2021) (Table 4). Consequently, regarding all data available on fish
exposed to NPs, mRNA transcript is highly affected, increasing the
possibility of mutations, as well as cellular malfunctions.

Overall, NPs have the ability to disrupt the immune system of
fish, induce oxidative stress, compromise lipid metabolism and
cause cell viability to decline. However, more studies need to be
carried out with other types of NPs to fully understand how the
toxicity of NPs affects fish, great importance to evaluate different
species, as well as understand how different NPs polymers can
affect the quality of aquaculture, effects on fisheries, and conse-
quent effects on human-beings.

Considering all the above, a summary of nanoplastics effects on
marine biota, to date, is illustrated in Fig. 4. As can be seen, the
information about the effects on marine organisms is still very
limited and NPs along with their nano-specific properties are of
major concern as they fundamentally differ from those of the same
polymer type in bulk form and are size dependent (Klaine et al.,
2012). Moreover, it is crucial to develop methods that accurately
measure NPs concentrations in the different components of the
marine environment and in biota. In addition, the concentrations
used need to be environmentally relevant so that data can be
harmonised, thus being possible to clearly compare the effects of
NPs in marine biota.

3. Conclusions

Nanoplastics are found in the marine environment either as
primary NPs or, more prone, as secondary nanoplastics. Their fate,
at present, is still difficult to predict, contemplating that NPs are a
recent emerging contaminant and that these NPs will interact with
their surroundings. The effect of these interactions has not fully
been enlightened, though, on the account of the available data, NPs
have considerable effects on marine biota and marine ecosystems.
Consequently, a wide interest is arising within the scientific com-
munity towards NPs and the effects they pursue within the marine
environment, as marine organisms can interact and ingest this
plastic debris due to their particle size and possibly lead to an
impact on seafood production and human health.

Within the marine environment, few data exist on the effects of
different types of virgin nanoplastics, having as a main focus the
effects of PS NPs with a carboxyl group (-COOH) or amide group
(-NH2). Though not environmentally relevant, the surface proper-
ties of NPs with eCOOH or eNH2 toxicity are important model
molecules to evaluate, as they provide information on the different
forms of toxicity of negatively and positively charged NPs. The
available data show that these NPs cause toxic effects on marine
biota, within bacterial communities, primary producers, primary/
secondary consumers, and top consumers. Furthermore, PS NPs
with an amide group have more toxic effects than NPs with a
carboxyl group, thus, suggesting that the charge of these NPs have
an influential role in the nanotoxicity of these particles. Addition-
ally, in certain marine organisms, NPs can accumulate in specific
tissues of organisms leading to a more detrimental effect in these



Fig. 4. Illustration of different NP polymers effects on marine biota.
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organisms. Accordingly, as many organisms ingest these particles
and accumulate them within tissues, highlights the need for more
research regarding potential toxic effects of exposure to different
types and sizes of virgin NPs, as well as different types and charged
NPs.

In a more extensive context, the legion of data identifying ample
effects of NPs should aid decision-makers in considering both
production of nanomaterials as well as the breakdown of plastic
consumer products as a potential environmental dilemma.
Notwithstanding, the scientific obligation towards understanding
the toxicity of NPs and the ecological effects, jointly with findings
suggest that some types of NPs are less reactive than others,
administering intuition into producing less potent nanomaterials.
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